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Summary

1.

 

Overexploitation is a major threat to the persistence of many species. A wide variety
of  approaches to setting ‘sustainable’ quotas for exploitation exist but there are
major discrepancies between theory and practice, and only limited integration between
different branches of exploitation literature. Here, we bring together and compare the
efficacy of a range of different approaches to estimating sustainability.

 

2.

 

A simulated population of a social mammal was used to provide data for, and com-
pare the recommendations of, 10 widely used estimators for setting levels of sustainable
exploitation. Estimators tested included four methods for setting sustainable levels of
constant-effort harvesting, two approaches to assessing the sustainability of constant-
yield harvesting, and four systems for setting thresholds below which harvesting should cease.

 

3.

 

The method used to fit catch per unit effort data to a stock dynamic model had an
important influence on the variance of recommendations. Recommendations were also
affected by the length of data set available and the frequency of changes in exploitation
effort. Observation-error estimators were more consistent and more conservative than
equilibrium, effort-averaging and process-error approaches. Harvesting at the point of
maximum productivity was found to be unstable in a noisy system, suggesting the need
for considerable caution when using any of these estimators.

 

4.

 

Constant-yield indices, developed for use in the bush meat trade, overestimated the
point at which exploitation was likely to become highly unsustainable. Sociality was an
important factor underlying this finding and the assessment of sustainability in constant-
yield systems should give consideration to the effects of  different social systems.

 

5.

 

Overall, threshold-harvesting systems provided the highest mean yields in relation to
extinction risk. However, the introduction of error into these systems, particularly in the
form of less frequent censuses, greatly increased both variance in yields and risk of
extinction.
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Introduction

 

Overexploitation accounts for almost one-quarter of
extinctions since 1600 for which the cause can be iden-
tified (Groombridge 1992), while hunting and interna-
tional trade still contribute to the extinction risk of
approximately one-third of the bird and mammal spe-
cies listed as threatened by the World Conservation

Union (IUCN) (Mace & Reynolds 2001). Approxi-
mately half  of the fisheries of Europe and the USA are
believed to be overexploited (Rosenberg 

 

et al

 

. 1993).
Clearly, in spite of a long history of experience, conser-
vationists and managers are still far from being able to
ensure the sustainable exploitation of populations.
Overexploitation occurs for a wide variety of reasons,
including discounting, whereby it may be better to
gain large profits in the short term rather than exploit
sustainably and gain smaller profits continuously
(Clark 1973; Lande, Engen & Sæther 1994), the ‘trag-
edy of the commons’, whereby competition among
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exploiters of a common resource promotes a lack of
restraint by all (Hardin 1968), and multispecies exploi-
tation, whereby uneconomic exploitation of species
may be justified by the presence of other, more com-
mercially viable, species (Reynolds 

 

et al

 

. 2001). Such
economic problems may only be tackled by appro-
priate regulatory institutions. By contrast, tackling
the biological reasons for overexploitation, including
a lack of necessary knowledge about the species
exploited or the status of their populations, or a lack of
understanding of the consequences of current systems
of exploitation, is clearly within the ambit of ecology.
Evidently, a key requirement for combating such defi-
ciencies of knowledge is to determine the maximum
safe level of exploitation that can be borne by popula-
tions without rendering them unacceptably vulnerable
to extinction.

Methods of exploitation fall into only three distinct
categories, or combinations of those same approaches.
These are: constant-effort harvesting, in which the
level of hunting pressure (days of hunting, number of
traps, etc.) remains constant, while the yield varies as
some function of exploitable population size; constant-
yield harvesting, in which exploitation results in the
removal of a set number of individuals from the popu-
lation each year; and threshold harvesting, in which
exploitation only occurs during years in which the
population exceeds a given threshold, whereupon
individuals are removed until the population reaches
that threshold. The performance of these different
approaches to exploitation has been compared with
regard to a variety of management objectives includ-
ing, for example, maximizing cumulative yields before
extinction, minimizing the risk of extinction, maximiz-
ing economic returns and minimizing annual variance
in yields (Lande, Engen & Sæther 1995; Lande, Sæther
& Engen 2001; Milner-Gulland 

 

et al

 

. 2001). However,
despite early evidence that threshold harvesting was
likely to provide the best method of meeting management
objectives (Lande, Engen & Sæther 1995), exploitation
is rarely conducted by this method and much exploita-
tion remains unsustainable (Robinson & Bennett 2000).
One reason for this lack of integration between theory
and practice may be that exploitation occurs for a wide
variety of reasons and in a wide variety of situations.
Exploitation may include subsistence hunting, local
market hunting, ranching or commercial harvest; it
may be terrestrial, aquatic or marine based, and may
range from highly developed and researched industries to
small-scale opportunistic use. The most appropriate
method in one combination of these circumstances
may be completely unworkable in a different set of cir-
cumstances. For example, long-term records of sport
hunting bags in relatively developed countries may
enable the use of constant-effort systems in a way that
would be unthinkable for subsistence or small-scale
commercial hunting in remote, unstudied areas of less
developed countries. A more pertinent question for
many, therefore, concerns the relative merits of different

estimators available for determining the levels at which
each method of exploitation may be carried out sus-
tainably, i.e. estimating the appropriate amount of
effort, size of yield or location of threshold, for use with
each method.

In principle, levels for sustainable exploitation
ought to be determined by an ongoing process of
experimentation, learning and adaptation, the com-
ponents of adaptive management (Holling 1978; Walters
1986). In practice, however, this approach is rarely
used (Ludwig 2001; Sutherland 2001) and managers
frequently rely on simpler estimators for making
such decisions. A wide variety of estimators exists for
determining levels appropriate for use with different
types of exploitation. These range from highly sophis-
ticated statistical techniques, primarily developed
within the fisheries industry for use with constant-
effort systems, to simple rules of thumb, available for
managers and researchers examining the sustainabil-
ity of  exploitation in terrestrial systems. Comparing
the recommendations of available estimators by experi-
mentation on real populations presents a wide range
of practical problems. Consequently, we conducted
comparisons using a simulated population based on
long-term field data, a technique that is increasingly
used within fisheries research and has also been applied
to terrestrial systems (Milner-Gulland 

 

et al

 

. 2001).
The simulation model was based on the alpine

marmot 

 

Marmota marmota

 

 (L.) population of Berch-
tesgaden National Park, southern Germany. Alpine
marmots are large burrow-dwelling social sciurids,
widely distributed throughout the mountainous
regions of Europe. The Berchtesgaden population of
alpine marmots was chosen for three principal reasons.
First, this population has been the subject of intensive
field research for more than 13 years (Arnold 1988,
1990a,b, 1995; Arnold & Dittami 1997; Frey-Roos
1998) and individual-based models of the population
have been used to explore other applied issues affecting
social mammals, such as the consequences of habitat
loss for population persistence (Dorndorf 1999). The
life history and population dynamics of  the species
are thus well understood, permitting the development
of a full behavioural model. The model results in pre-
dictions of population dynamics that can be treated
with considerable confidence (Stephens 

 

et al

 

. 2002).
Secondly, although alpine marmots are protected
by law in Germany, they are widely hunted in many
other parts of  central Europe. Smaller, more iso-
lated, populations, such as that found at Berchtes-
gaden, may be especially vulnerable to exploitation
and, historically, many marmot populations have been
locally extirpated throughout central Europe (Hediger
1948; Müller 1996; Preleuthner 1999). Finally, despite
increasing awareness that social systems can affect
vulnerability to exploitation (Dennis 1989; Greene

 

et al

 

. 1998; Stephens & Sutherland 2000), estimators
for assessing sustainability rarely account explicitly
for the social system of the exploited species. Ungulates
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and primates form the bulk of much terrestrial exploita-
tion (Robinson & Bodmer 1999) and many species in
these taxa display highly developed social systems.
Using the alpine marmot as the basis for our com-
parisons may highlight issues that apply to social
mammals in particular.

In this study, we contrasted different estimators
available for determining sustainable levels of
exploitation. The estimators tested are summarized
in Table 1. The recommendations of  each estimator
were compared with regard to two principal criteria:
the risk of  extinction and the yields associated with
the recommended levels of exploitation. The emphasis
in this study was on identifying approaches to exploi-
tation that maximize short-term yields while minimgiz-
ing long-term extinction probabilities. Consequently,
economic criteria, such as discounting of revenues,
were not considered. We used these comparisons to
address three main questions. First, given a certain
method of hunting, how good are available estimators
for determining sustainable levels of exploitation, and
how do these estimators compare with one another?
Secondly, do the findings associated with developments
in fisheries exploitation apply equally well to a terres-
trial species? Finally, how do the different approaches
to exploitation compare when applied to our model
system and how does this compare with the findings
of other authors?

 

Methods

 

A population of  alpine marmots was studied in
Berchtesgaden National Park, southern Germany,
between 1983 and 1996. During the field study, data
were collected on the physical condition, behaviour,
movement and survival of  654 individuals. The
dispersal behaviour of 89 individuals (including 12
juveniles) fitted with radio-transmitters was monitored
by telemetry. Data from this study were used to para-
meterize and validate an individually based behavioural
simulation model of  an alpine marmot population.

A detailed description of the model is given elsewhere
(Stephens 

 

et al

 

. 2002). The model was spatially explicit
and environmentally stochastic, using winter lengths
(number of  days from the start of  the year until ter-
ritories were 75% free of snow cover, a critical determ-
inant of overwinter mortality in the alpine marmot)
drawn from a normal distribution, with a mean and
standard deviation taken directly from the distribu-
tion of winter lengths measured during the field study.
The model was also fully demographically stochastic,
with litter sizes drawn from an empirically determined
normal distribution, and mortality probabilities based
entirely on the field data. Mean unexploited adult
population size predicted by the model was 340 

 

±

 

 32
(SD) and annual growth rate was maximized at an inter-
mediate population size (approximately 180 adults),
at an average of 7·3%. Negative density dependence
was incorporated into the model through the restricted
availability of breeding territories (Frey-Roos 1998),
and positive density dependence was included, at a
group level, by increased overwinter survival of
juveniles and breeders in larger groups (Arnold 1988,
1990b). The dispersal behaviour of  individuals within
the model was based on a fitness-optimization function.
Due to the relatively large life span of the marmots (up
to 13 years in the field study) and the difficulties in col-
lecting extensive data, model validation using a split
data set was impractical. However, the model was
shown to give accurate predictions of dispersal beha-
viours, group size distributions and overall population
dynamics, when compared with data from the field
study (for further details see Stephens 

 

et al

 

. 2002).
An outline of the sustainability estimators used is

given below. Further details of  these estimators are
given in the references in Table 1 and in relevant
textbooks (Hilborn & Walters 1992; Quinn & Deriso
1999; Sutherland 2000; Jennings, Kaiser & Reynolds
2001). In all cases, only reproductively mature indi-
viduals were removed by hunting, always selected at
random. All hunting took place in the later part of the
marmots’ above-ground period, after juveniles were

Table 1. Summary of sustainability models tested

  

Method of exploitation Sustainability estimator Reference

Constant-effort harvesting Standard surplus production Schaefer (1954)
Effort averaging Fox (1975)

Quinn & Deriso (1999)
Process error Walters & Hilborn (1976)

Hilborn & Walters (1992)
Observation error Polacheck, Hilborn & Punt (1993)

Constant-yield harvesting Maximum potential productivity Robinson & Redford (1991)
Actual productivity Robinson & Bodmer (1999)

Threshold harvesting Logistic
Rule of thumb
The 75% rule Roughgarden & Smith (1996)
Maximum productivity Fowler (1988)
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weaned but while individuals still had the opportunity
to disperse.

 

- 

 

Surplus production estimators used to assess the sus-
tainability of constant-effort harvesting require that
data relating yield and effort are available from an
already exploited population. The unit of effort used in
this study was the hunter day (HD) and levels of effort
were compared between years using hunter days per
year (HD year

 

−

 

1

 

). Precision in simulating hunter beha-
viour is unnecessary for the purpose of comparing the
performance of different estimators. However, the
process of hunting in the model was loosely based on
observations of the behaviour of hunters in other
alpine marmot populations. Specifically, it was assumed
that a hunter will spend 6 h actually hunting during 1
day. The number of marmots that are shot during this
period depends on two components: the encounter
time (time taken to locate or select a suitable target
animal) and the handling time (time taken to reach a
suitable vantage point, wait for an opportunity to
shoot and then collect the carcass). Mean encounter
time decreased with population density and was described
by a function of the form:

where 

 

T

 

E

 

 = encounter time (h); 

 

N

 

 = population size (or
density, given that the model population is closed) of
animals aged 2 years or over; and 

 

α

 

 and 

 

β

 

 = parameters
controlling the shape of the function. Based on practical
experience of hunting marmots in Grisons, Switzer-
land, standard deviation of the encounter time was
fixed at 0·2 h. Once an appropriate target was found,
mean handling time was assumed to be independent of
density and was fixed at 1 h 

 

±

 

 0·4 (SD). The values of 

 

α

 

and 

 

β

 

 in the encounter time function were chosen so
that in a high population (400 adults) the mean yield
per HD was approximately four marmots (4·0 

 

±

 

 0·7),
dropping slowly at first with reducing density so that
when there are 200 adults, mean yields are still almost
3·5 marmots HD

 

−

 

1

 

 (3·4 

 

±

 

 0·6). In depressed populations,
mean yields are much lower, with a mean of just 1·1
HD

 

−

 

1

 

 

 

±

 

 0·3 when the adult population is 40 individuals.
To simulate the collection of sample data sets from a

hunted population of marmots, the model was run
through repeated simulations of 75 years duration. For
the first 20 years, the population was allowed to stabil-
ize without any exploitation. Following this, the popu-
lation was subjected to light exploitation (1 or 2 HD
year

 

−

 

1

 

) for a further 5 years, during which no data were
collected. Following the 25th year, hunting pressure
was allowed to change at intervals, either increasing by
1 HD year

 

−

 

1

 

 (with probability = 0·7) or decreasing by
1 HD year

 

−

 

1

 

 (with probability = 0·3). The 75-year simu-
lations were repeated using both 2- and 3-year inter-
vals between changes in hunting pressure. This ensured

relatively gradual changes between hunting pressures,
characteristic in the absence of large changes in avail-
able technology and necessary for the utility of surplus
production models. Changes every 2 to 3 years permitted
a broad range of  hunting pressures, without driving
too many of the simulations to extinction. This regime
continued until the 75th year of the simulation, with
the hunting pressure constrained between 1 and 16 HD
year

 

−

 

1

 

. Data on total yields and numbers of hunter days
were collected from the 25th year until the end of the
simulation, to provide 50-year data sets. Data sets that
did not involve the extinction of the population and
spanned a range of  at least 3–13 HD year

 

−

 

1

 

 were
analysed to provide recommendations for sustainable
levels of hunting. Twenty-five year data sets were also
collected, using the same approach detailed above but
running the simulation for only 50 years. To ensure that
the population experienced a broad range of hunting
pressures during this time, only 2-year intervals be-
tween changes in hunting pressure were used for
these 25-year data sets.

A variety of functions are available to model popu-
lation growth for surplus production models, with
different assumptions regarding the nature of density
dependence. However, indications from fisheries
research are that the method used to fit surplus produc-
tion models to exploitation data is much more import-
ant than the underlying choice of model (Polacheck,
Hilborn & Punt 1993). As a result, only the simplest
surplus production model (Schaefer 1954), assum-
ing linear density dependence, was considered in
this study. The standard Schaefer model is described
below under ‘equilibrium estimator’. Analyses were
conducted using each of the estimators listed under
constant-effort harvesting in Table 1. These are described
further below.

 

Equilibrium estimator

 

The equilibrium estimator used was a surplus produc-
tion model of the form described by Schaefer (1954).
This requires that a regression line of the form:

 

U

 

 = a + b

 

E

 

eqn 1

(where 

 

U

 

 = catch per unit effort; 

 

E

 

 = hunting effort; a
and b are constants) is fitted to a graph of catch per unit
effort against effort. This regression line is then used to
predict the relationship between total catch, 

 

C

 

, and
effort, by multiplying both sides of the equation by 

 

E

 

,
such that:

 

C

 

 = a

 

E

 

 + b

 

E

 

2

 

. eqn 2

Total catch is predicted to peak at the inflexion point of
this curve, i.e. where:

T
N

NE   
  

=
+β

α

d
d

or
a
b

C
E

EMSY  ,   .= =
−

0
2
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E

 

MSY

 

 is assumed to be the level of  effort required to
keep the population at a size at which absolute pro-
ductivity is highest, and hence sustainable offtake is
also highest.

 

Effort averaging estimator

 

The standard equilibrium estimator described above
assumes that the population was at equilibrium with its
exploitation throughout the time series of available
data. In practice, however, this is widely acknowledged
to be rarely if  ever true (Hilborn & Walters 1992).
Effort averaging is an 

 

ad hoc

 

 approach to dealing with
populations that are not at equilibrium with their
exploitation (Quinn & Deriso 1999). Specifically, effort
averaging acknowledges that previous hunting effort is
also likely to have had an effect on current catches.
Instead of regressing 

 

U

 

 against 

 

E

 

, this model uses a
weighted average of  effort on the 

 

x

 

 axis (Fox 1975),
calculated as follows:

eqn 3

where 

 

E

 

t

 

 = effort at time 

 

t

 

 and 

 

k

 

 is the number of age
classes for which recruitment is thought to be affected
by exploitation. For the marmots, all animals of 2 years
or older are capable of breeding, and hunting discrim-
inates between only three age classes: juveniles and
yearlings, neither of which are hunted, and adults,
which are hunted. Therefore, a value of 

 

k

 

 = 3 was used.
Effort averaging then proceeds as in the standard equi-
librium approach, only using  instead of 

 

E

 

 for the
regression analyses.

 

Process-error estimator

 

Process-error estimation (Walters & Hilborn 1976)
explicitly confronts non-equilibrium scenarios. Speci-
fically, this approach is based on the principle that while
catch per unit effort (

 

U

 

) may be an accurate index of
population size, population size in any given year is
unlikely to be precisely predictable from the size of the
catch in the previous year. Analysis thus aims to deter-
mine more basic parameters enabling more accurate
predictions. These parameters include the population
growth rate, 

 

r

 

, the unexploited population size, 

 

K

 

, and
the catchability coefficient of the hunted species, 

 

q

 

.
These are related as:

eqn 4

It is suggested that bias in this approach may be
reduced by using 

 

U

 

t

 

+1

 

 as the dependent variable
(Hilborn & Walters 1992), and so the formula is often
rearranged to give:

eqn 5

Multiple linear regression is then used to determine the
values of 

 

r

 

, 

 

K

 

 and 

 

q.

 

 These are substituted into the standard
regression equation 

 

U

 

 = a + b

 

E

 

, using the relationships:

These values of a and b are then used in equation 2 in
order to estimate 

 

E

 

MSY

 

.

 

Observation-error estimator

 

Observation-error estimators take the opposite
approach to that of process-error estimators in terms of
where they assume error to occur in the catch size/
stock relationship. Specifically, observation-error esti-
mators are based on the principle that, while changes in
population size are a direct result of the amount of
hunting mortality in the previous year, it is unlikely
that catch per unit effort is an exact index of population
size in any year (Polacheck, Hilborn & Punt 1993). The
approach is thus to determine the probability distribu-
tion for each data point, assuming log-normal multi-
plicative error in the relationship between population
size and catch. Estimates of the model parameters are
obtained by maximizing the likelihood function:

eqn 6

where the product includes all years (

 

y

 

) for which data
on catch and effort are available.

This approach assumes a continuous distribution
of catch data, a situation approximated by the very
large potential catches available to fisheries. The com-
ponents of the likelihood function are (Polacheck,
Hilborn & Punt 1993):

eqn 7

eqn 8

where 

 

Û

 

 is the predicted catch per unit effort.
Where catches or yields are much smaller, as is the

situation for our simulated population, the discrete
nature of the raw data is unsuitable for this approach.
One rough solution for this is to transform catch data
to the mid-point of each discrete category by adding
0·5 to each catch. The likelihood function can then be
used as is. The regression parameters (a and b in equation
1) that produce the maximum likelihood fit can then be
used to estimate 

 

E

 

MSY

 

, as for the previous methods.

 

- 

 

In theory, all of the estimators described above for use
with constant-effort harvesting could also be used to

E
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determine 

 

C

 

MSY

 

, the maximum sustainable number of
individuals that could be removed from the population
annually. In practice, however, it is unlikely that where
such data are available for an effort-based system they
would be used to determine a set yield, rather than a set
level of effort. Two estimators that are widely used for
determining sustainability of catches are described
below.

 

Robinson and Redford’s maximum potential 
productivity estimator

 

This estimator (Robinson & Redford 1991) has, at its
core, the calculation of 

 

r

 

max

 

 (the maximum intrinsic
growth rate) using Cole’s equation (Cole 1954). This
assumes that population growth rate will reach its
maximum potential if  females begin breeding at sexual
maturity and continue to do so until the maximum age
of reproduction, and takes the form:

eqn 9

where 

 

a

 

 = age at first reproduction; 

 

b

 

 = annual birth
rate of female offspring; and 

 

w

 

 = last age of reproduc-
tion. It must be solved for 

 

r

 

max

 

 by iteration. In practice,
data on 

 

a

 

, 

 

b

 

 and 

 

w

 

 are not always readily available.
However, as this is a model population, these can be
assigned values with complete confidence, ensuring the
reliability of the Robinson and Redford method. The
estimation approach assumes that population produc-
tion (

 

P

 

) will be maximized when the population is at
60% of its unexploited size. For a long-lived species
(with a life span of more than 10 years), such as the
alpine marmot, Robinson and Redford suggest that no
more than 20% of the maximum annual production
can be removed sustainably each year.

 

Robinson and Bodmer’s actual productivity estimator

 

Where data on birth rates are also available for the
exploited species, estimates of production can be
derived directly, without the need to make assumptions
about the potential productivity of the species (Robinson
& Bodmer 1999). Where both the average litter size, 

 

Y

 

,
and the annual frequency of pregnant females, 

 

g

 

, are
known, annual production is given by:

 

P

 

 = 0·5

 

N

 

 

 

× 

 

Yg

 

eqn 10

where 

 

N

 

 is the adult population size (discounted by
50% under the assumption of an even sex ratio). As
with the Robinson and Redford estimator, it is assumed
that no more than 20% of  this production can be
harvested sustainably.

 

 

 

In threshold harvesting, it is assumed that a population
can safely be harvested down to a certain level but that

no hunting should take place when the population is
at, or below, this threshold. All estimators that aim
to determine the size of the safe threshold are based on
the negative relationship between population growth
rate and population size. The simplest of these stems
directly from the logistic equation, assuming linear
density dependence. This suggests that absolute pro-
ductivity will occur when a population is at half  its
unexploited size and, hence, that the threshold for har-
vesting should be 0·5

 

K

 

, where 

 

K

 

 is the equilibrium
unexploited population size. Bearing in mind that, for
most vertebrates, density dependence is likely to be
non-linear, with the point of maximum productivity
closer to 

 

K

 

 (Fowler 1981; Sutherland & Gill 2001), one
widely used rule of thumb recommends a threshold of
0·6

 

K

 

. A second rule of thumb taking a more precau-
tionary approach and thought likely to be highly stable
(Roughgarden & Smith 1996) recommends 0·75

 

K

 

. One
approach deriving from more detailed knowledge of a
species’ life history is that based on the relationship
between the population size giving maximum product-
ivity and the rate of increase per generation (Fowler
1988). This relationship is given by:

 

R

 

 = 0·633 

 

− 

 

0·187 

 

×

 

 ln(

 

rT

 

) eqn 11

where 

 

R

 

 = the proportion of 

 

K

 

 at which productivity is
maximized; 

 

r

 

 = the intrinsic growth rate of the species;
and T = the generation time or mean age of all female
parents of all offspring produced.

In total, 100 simulations of 125 years were run using
each suggested threshold. In each simulation, the
population was permitted to stabilize over 20 years.
Following this, threshold harvesting was begun and,
after a further 5 years, data on annual yields were
collected each year for a total of 100 years.

Two variations on each estimator for threshold har-
vesting were also assessed. For the first of these, it was
assumed that for many hunted systems it may be
impractical or impossible to conduct an annual census.
An accurate estimate of population size was thus made
available only every 3 or 5 years, and quotas were set
accordingly. The second variant acknowledged that
censuses are unlikely to be entirely accurate. Annual
censuses were thus subjected to error in the form of a
coefficient of variation (CV) of 5%, 10% or 20%.

  

The probabilities of extinction associated with different
levels of both fixed-effort and fixed-yield exploitation
were also assessed. A total of 700 simulations, each of
120 years duration, was run for each level of constant-effort
exploitation. For each level of constant-yield exploitation
(which shows a clearer relationship between extinction
risk and hunting pressure), 200 simulations of 120 years
duration were run. As before, populations were allowed
to stabilize over 20 years, following which exploitation
at a set level (either a constant yield or constant level of

1 1      max max max( )= + −− − − +e be ber ar w r
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effort) was initiated, and the population was assessed
each year for a further 100 years. The proportions of
simulations that led to extinction under each level of
exploitation were used as an indicator of the extinction
risk associated with that level of exploitation.

To determine the degree to which results were influ-
enced by the relatively small population considered by
the standard population model, probabilities of extinction
under constant-yield harvesting were also determined
using a population with four times as much available
habitat. In the absence of exploitation, the equilibrium
adult population size in this larger population model
was 1160 ± 65 (SD).

Results

  

The probabilities of extinction associated with both
constant-effort and constant-yield harvesting are
shown in Fig. 1. Probabilities of extinction referred to
hereafter are taken directly from the data in Fig. 1a,b.
Probabilities of extinction are sharply non-linear. Due
to the stochastic nature of harvest under constant-
effort regimes (Fig. 1a), non-linearity in extinc-
tion probabilities is less pronounced in this case than
when constant-yield harvesting is used (Fig. 1b). The

10 20 30 40 50 60 70 80 90

Fig. 1. Probabilities of extinction associated with different levels of (a) constant-effort and (b) constant-yield harvesting for the
standard model population (equilibrium adult population = 340 ± 32), and (c) constant-yield harvesting of a larger population
(equilibrium adult population = 1160 ± 65). Each data point represents the proportion of (a) 700 and (b and c) 200 simulations,
during which extinction occurred within 100 years of harvesting at the given level.
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non-linearity is not attributable to the small size of the
population but rather is equally a feature of  larger
populations (Fig. 1c).

- 

Frequency distributions for the recommended sustain-
able levels of hunting produced by each of the four esti-
mators are given in Fig. 2. A small proportion of both
50- and 25-year data sets (13 of  250, 3 of  250 and 4
of  100, for a, b and c, respectively) yielded recom-
mendations for negative harvests when subjected to
analysis using process-error estimation. Rather than
highlighting errors in the method, as suggested by
some authors, such results are indicative of the fact that
there is little useable information in the data set

(Hilborn & Walters 1992). Clearly, such results would
not be considered as worthwhile recommendations and
these data were thus excluded from further analyses.
Mean and modal recommendations and their asso-
ciated probabilities of extinction are summarized in
Table 2.

- 

Robinson and Redford estimator

The parameter values required to solve Cole’s equation
for the Robinson and Redford estimator are inherent in
the model design. The age at first reproduction (a) is 2
and the age at last reproduction (w) is 12. The annual
birth rate of female offspring (b) can be calculated as:

(a) i (b) i (c) i 

(a) ii (b) ii (c) ii

(a) iii (b) iii (c) iii

(a) iv (b) iv (c) iv
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Fig. 2. Frequency distributions of recommendations for constant-effort harvesting, based on simulations of (a) 50-year data sets
with pressure changes at 3-year intervals (N = 250), (b) 50-year data sets with pressure changes at 2-year intervals (N = 250), and
(c) 25-year data sets with pressure changes at 2-year intervals (N = 100), using (i) equilibrium, (ii) effort-averaging, (iii) process-
error and (iv) observation-error estimators. Note different axes scales. For the process-error estimators, negative
recommendations (comprising 4–5% of recommendations) were excluded from the analysis.

JPE_740.fm  Page 636  Thursday, July 18, 2002  1:07 PM



637
Sustainable 
exploitation of 
social species

© 2002 British 
Ecological Society, 
Journal of Applied 
Ecology, 39,
629–642

b =  annual probability of reproduction  ×  
female sex ratio  ×  average litter size

=  0·64  ×  0·42  ×  3·47 =  0·93

These values yield a prediction of  rmax = 0·46, sug-
gesting that the maximum production of the adult
population is:

Pmax = 0·46  ×  0·6  ×  340  =  94

As stated above, in applying this method it is assumed
that no more than 20% of  this maximum annual
production can be removed safely each year, giving a
recommended maximum quota of 19 marmots per
annum.

Robinson and Bodmer estimator

The annual quota recommended by this estimator is
produced by using equation 10 to calculate the maxi-
mum production of the population:

P = 0·5N × Yg
= 0·5 × 340 × 3·47 × 0·26
= 153

Again, the assumption of Robinson & Bodmer (1999)
is that no more than 20% of this production can be
removed each year, giving a recommended maximum
annual quota of 30 marmots.

The extinction probabilities associated with the
maximum quotas recommended by the Robinson &
Redford (1991) and Robinson & Bodmer (1999) esti-
mators are 0·95 and 1, respectively (Fig. 1b).

 

Three of the estimators for threshold harvesting set
known thresholds at 0·5K, 0·6K and 0·75K. The fourth
estimator, based on Fowler (1988), was calculated

using equation 11 and suggested that population pro-
ductivity would be maximized at 0·48K. As this was so
close to the threshold suggested by the logistic model,
further analysis was conducted using only the first
three estimators.

The results of threshold harvesting are summarized
in Table 3. When censusing was conducted annually,
this approach was associated with no risk of extinction
within 100 years, even when census estimates were
prone to substantial errors with a CV of up to 20%.
Mean yields tended to be highest when the threshold
was set at 0·6K (typically between 15 and 17 marmots
per year) but variance in yields was high and the
proportion of years in which hunting was not possible
was also high (between 13% and 65%). Reducing the
frequency of censuses greatly increased the risk of
extinction, particularly when combined with census
error. For triennial censusing, the best yields and low-
est extinction risks were produced using a threshold of
0·75K but the proportion of years in which no hunting
could occur was greater than one in two. A frequency
of only one census every 5 years was always associated
with high risks of extinction, even when the censuses
were entirely accurate.

Discussion

The results show that a relatively small fluctuating popu-
lation, such as that of the marmots in Berchtesgaden
National Park, would be very prone to extinction when
subjected to even quite low levels of regular hunting
(e.g. the annual removal of numbers equivalent to 5%
of the equilibrium adult population). Furthermore,
due to the nature of density dependence in this species,
the probability of extinction increases very abruptly, so
that a difference in annual quotas of only a few indi-
viduals could be the difference between a very low
probability of population extinction and what is almost
a certainty of extinction. This sharp non-linearity in
extinction risks is not a product of small population

Table 2. Extinction probabilities associated with recommendations for sustainable constant effort hunting

Estimator Length of data set (years)

Recommendations (HD year−1)

 Mean ± SD Probability of extinction* Mode Probability of extinction*

Equilibrium 25† 11·5 ± 6·9 0·76 8 0·67
50† 8·0 ± 0·6 0·67 8 0·67

Effort averaging 25 10·7 ± 5·1 0·75 8 0·67
50 7·8 ± 0·6 0·66 8 0·67

Process error 25 10·4 ± 4·9 0·75 7 0·63
50 9·8 ± 3·3 0·74 12 0·77

Observation error 25 9·5 ± 4·5 0·74 8 0·67
50 7·9 ± 0·4 0·67 8 0·67

*Probabilities of extinction are derived from the analysis shown in Fig. 1a. Probabilities associated with non-integer harvest 
recommendations were derived by linear interpolation.
†Extinction probabilities associated with the best- and worst-case scenarios considered in Fig. 2a,c are shown here, i.e. 50-year 
data sets with 3-year intervals between changes in hunting pressure, and 25-year data sets with 2-year intervals between changes 
in hunting pressure.
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size; the same phenomenon is apparent for a popula-
tion of approximately four times the size. The result of
this is that all of the estimators tested for regular fixed
hunting regimes (either constant effort or constant
yield) suggest quotas that are too high to sustain over
long periods. In keeping with other authors (Lande,
Engen & Sæther 1995), the results of this study suggest
that the safest way to exploit this fluctuating popula-
tion is to use a threshold-harvesting approach. How-
ever, the results also show that a threshold approach to
exploitation is associated with highly variable yields
and a high proportion of  years in which no hunting
is possible, neither of  which is likely to be acceptable
in the majority of  exploitative systems. Further-
more, reducing the frequency of censuses and, to a
lesser extent, introducing census error, can greatly
reduce the safety of threshold exploitation, leading to
high risks of population extinction. These results are
discussed in light of the three questions posed in the
introduction.

In terms of estimating the level of effort required to
maximize total yields, the constant-effort estimators
were extremely dependent on both the length and quality
of the data set. When 50-year data sets were available,
at least three of the estimators were relatively consistent
in their recommendations. By contrast, shorter data
sets and shorter intervals between changes in hunt-
ing pressure led to considerably greater variation in the
recommendations of all estimators. Larger intervals
between changes in pressure increase the chance that
the population will equilibrate with its exploitation. It
is also likely that over 50 years there is a greater chance
of an exploited population showing the effects of over-
exploitation and, thus, longer data sets will produce

more conservative recommendations with greater con-
sistency. Even so, managers benefiting from 25-year
data sets would be in a position of considerable pri-
vilege, and many of the classic examples of surplus yield
models rely on considerably less data (often of less than
20 years), frequently collected during periods over
which means of assessing effort and yield changed.
This finding highlights the need for caution when
making use of data sets involving stochasticity in both
population growth and hunting success. Nevertheless,
the modal recommendations of all but the 50-year
process-error estimators were remarkably accurate at
estimating the level of  effort required to produce
the greatest annual yields. Figure 3 shows the results of
collating every year’s data from all of the 50-year data
sets with 3-year intervals between changes in hunting
pressure. Evidently a level of effort of 8 or 9 HD year−1

is optimal for producing the highest annual yields and,
from this point of view, the constant-effort estimators
performed well.

By the other major criterion considered here, however,
the constant-effort estimators performed very poorly.
All recommended levels of effort were associated with
high probabilities of extinction within 100 years, typi-
cally of 60–75%. The problem is exactly that identified
by Roughgarden & Smith (1996): the point of optimal
harvest is an unstable equilibrium. For a fluctuating
population, if  stochastic events drive it below the point
of maximum production, then harvest will be likely to
exceed production and the stock will decline to extinc-
tion. The solution suggested by Roughgarden & Smith
(1996) is to exercise caution and harvest below the
point of optimal harvest. Harvesting at a rate of 4 HD
year−1 (50% of the modal recommendations of most of

Table 3. Yields and extinction risks from threshold harvesting

  

Conditions Results of threshold harvesting of the simulated population compared by threshold size* 

Census 
interval

CV of 
estimates 
(%)

Mean yield† ± SD Years with zero yield/%‡ Probability of extinction§ 

 0·5K 0·6K  0·75K 0·5K 0·6K 0·75K 0·5K 0·6K 0·75K

1 year 0 15·5 ± 11·5 17·1 ± 12·9 14·8 ± 14·2 13·4 14·3 25·8 0·00 0·00 0·00
5 15·2 ± 15·0 16·9 ± 16·6 14·8 ± 17·9 25·5 26·0 37·9 0·00 0·00 0·00

10 14·1 ± 18·7 16·7 ± 21·5 14·7 ± 22·3 42·7 41·6 51·4 0·00 0·00 0·00
20 12·5 ± 23·5 14·8 ± 27·2 15·3 ± 30·0 63·0 62·4 65·3 0·00 0·00 0·00

3 years 0 5·0 ± 13·0 7·9 ± 16·8 13·6 ± 21·6 91·4 78·5 57·3 0·64 0·29 0·01
5 4·4 ± 12·8 8·4 ± 16·3 14·1 ± 22·3 91·7 75·9 55·4 0·59 0·25 0·00

10 4·1 ± 12·0 8·2 ± 16·7 13·8 ± 22·3 93·6 77·6 57·7 0·69 0·29 0·02
20 5·5 ± 17·6 7·7 ± 23·1 9·8 ± 27·2 94·2 91·7 87·5 0·78 0·60 0·53

5 years 0 15·4 ± 40·3 18·3 ± 42·0 12·9 ± 27·4 99·0 98·2 86·7 0·99 0·99 0·67
5 17·5 ± 42·4 14·3 ± 35·9 12·8 ± 27·3 98·4 97·4 86·4 0·98 0·94 0·62

10 30·1 ± 62·9 16·2 ± 37·8 13·0 ± 27·8 99·7 96·9 88·1 1·00 0·94 0·71
20 24·1 ± 54·0 20·7 ± 43·4 13·8 ± 29·5 99·1 98·4 89·1 0·98 0·98 0·77

*Threshold size is given as a proportion of the equilibrium adult population size in the absence of hunting (K ).
†Calculations of mean yields exclude years following extinction but include years with zero yield prior to extinction.
‡Shows the proportion of years in which the population was estimated to be at, or below, the threshold and no hunting was 
possible. If  extinction occurred, years following extinction are included as years in which no hunting could occur.
§Probability of extinction is calculated as the proportion of all 100 simulations during which the population went extinct within 
100 years of the stated hunting regime.
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the estimators, and very roughly equivalent to Rough-
garden and Smith’s 75% rule) would be associated with
a very low (< 2%) risk of extinction. Such an approach
buffers against fluctuations upsetting the stability of
exploitation and is thus considerably more stable.

Overall, the observation-error estimator produced
the most conservative recommendations with the least
variance. This result is in keeping with the findings
of Polacheck, Hilborn & Punt (1993), who compared
these techniques when applied to three sets of data
from fisheries. It is widely acknowledged in the fisheries
literature that equilibrium estimators should never be
used (Hilborn & Walters 1992; Jennings, Kaiser &
Reynolds 2001). In addition, Polacheck, Hilborn &
Punt (1993) suggested that bias in the effort-averaging
approach and the wide variance of  process-error
estimates should preclude the use of either of these in
isolation. Our results support these findings, confirming
the greater reliability of observation-error techniques.
However, the results also suggest that these should be
applied to widely fluctuating populations only with
great caution.

Both of the constant-yield estimators used suggest
maximum annual quotas associated with very high
probabilities of extinction, despite the fact that neither
predicted unrealistic levels of population production.
The predictions of Cole’s equation as presented above,
are that the maximum possible growth rate of the popu-
lation is less than 5% per annum. In fact, our analyses
suggest that our model population has a maximum
growth rate (at approximately 0·55–0·6K) of over 7%
(Stephens et al. 2002) and, thus, the Robinson &
Redford (1991) approach actually underestimates
population growth. The Robinson & Bodmer (1999)
method for calculating production of the unexploited
population is parameterized using data from the model
and is entirely accurate in predicting the mean annual
production. Why then, do these methods predict un-
sustainable harvest rates? The answer must lie in the
extreme sociality of the alpine marmot, a factor that
cannot be captured by the simplistic population models

underlying the Robinson and Redford and Robinson
and Bodmer approaches. Alpine marmots are among
the most social of sciurids and an important factor
underlying this sociality is their need for social thermore-
gulation during winter. Marmots live at high ele-
vations and hibernate throughout the long harsh
winters. Survival of juveniles and lone animals is low,
but juvenile survival can be greatly increased by hiber-
nating with larger numbers of adults (Arnold 1988,
1990b, 1993, 1995; Arnold et al. 1991). Due to the
importance of social thermoregulation, the removal of
relatively few adults late in the year becomes critical.
The majority of dispersal in alpine marmots occurs
early in the year. It is possible that hunting would lead
to increased perturbation and increased dispersal later
in the year. Culling of badgers Meles meles has been
demonstrated to lead to higher rates of  dispersal
(Tuyttens et al. 2000) and might be expected to have
similar effects in other social mammals. If  this were to
occur, the population would be more robust to the
effects of exploitation (Fig. 4). However, in the absence
of evidence that this is the case, the analyses presented
here do not incorporate these effects of  increased
perturbation.

The need for social thermoregulation in marmots is
just one example of a behavioural mechanism that
underlies the importance of group living in many social
mammals. Many primate species are very dependent
on sociality for a variety of reasons, including energetic
constraints (Sussman & Garber 1987), predator detec-
tion (van Schaik & van Hooff 1983; van Schaik et al.
1983) and interspecific resource defence (Clutton-
Brock 1974). The effects of losing adult members and
falling below a minimum group size have been shown
to be critical in some primates (Young & Isbell 1994).
Vigilance (Lipetz & Bekoff 1982), anti-predator defence
(Berger 1979; Bowyer 1987) and other behavioural
mechanisms (Mooring & Hart 1992) can also have a
negative effect on the fitness of ungulates when group
sizes are depleted. The constant-yield estimators
assessed in this paper were designed specifically for use

0

5

10

15

20

25

30

35

40

0 4 8 12 16 20

Level of effort (HD year–1)
M

ea
n

 t
o

ta
l y

ie
ld

 ±
 S

D
 (

m
ar

m
o

ts
)

Fig. 3. Mean annual yields against hunting effort for all years used in the 50-year data set analysis (total number of years = 12 500).
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with the bush meat trade, a large component of which
is based on hunting primates and ungulates. The
authors of these estimators stress that they indicate
only the level above which hunting is definitely unsus-
tainable and do not suggest that hunting would be sus-
tainable at or below the calculated annual yield.
However, in view of the results of this study, it may also
be important to stress the importance of social system
in relation to these estimators and it is recommended
that indices of unsustainability are markedly reduced
for species dependent on sociality.

As stated previously, threshold harvesting proved to
be the safest way to exploit the population, in keeping
with the findings of Lande, Engen & Sæther (1995).
These authors also suggested that where census error
was a factor, a more cautious approach of proportional
threshold harvesting, where only a proportion of the
individuals above the threshold were killed, was pref-
erable (Engen, Lande & Sæther 1997). In our study,
extinction risk remained low even with a CV of 20% in
population estimates, as long as the population was
censused annually. However, proportional threshold
harvesting may reduce variance in yields in these cases
and may also greatly reduce extinction risks when cen-
suses occur less frequently (Lande, Sæther & Engen
2001). In general, threshold harvesting with a thresh-
old of 0·6K performed better than either of the other
thresholds tested. This is to be expected, given (as
observed above) that population growth peaks at about
this size. Nevertheless, in scenarios of reduced cer-
tainty, particularly when population estimates are
infrequent, a more conservative threshold (such as the
75% threshold) is likely to minimize extinction risks.

Milner-Gulland et al. (2001) found that the best
strategies were simple, involving harvesting a ‘small
proportion’ of the population size each year, i.e. that a
constant-effort system based on a low level of effort is

the optimal approach. If  variance in yields is to be
reduced, it is likely that our results would concur with
this and that a level of 3 HD year−1 would be recom-
mended, corresponding to a mean annual yield of 10–
12 marmots from this population. Nevertheless, for
most stock managers, the problem remains: what is a
‘small proportion’ of the population, how does this
vary among species, and how should it be estimated?
Our findings suggest that for fluctuating populations,
especially of a social species, a ‘small proportion’ is
considerably less than would be predicted by available
estimators for constant-effort harvesting and that such
estimators should be treated with considerable caution.

Acknowledgements

P. A. Stephens was supported by a Natural Environ-
ment Research Council studentship. Many thanks to
Ute Bruns, Alistair Grant, Klaus Kackländer, Simon
Jennings, Carlos Peres, Tom Polacheck, John Reynolds,
Jo Ridley, Andrew Watkinson, Doug Yu, Nigel Barlow,
E.J. Milner-Gulland and one anonymous referee, for
useful comments and discussion.

References

Arnold, W. (1988) Social thermoregulation during hiberna-
tion in alpine marmots (Marmota marmota). Journal of
Comparative Physiology B, 158, 151–156.

Arnold, W. (1990a) The evolution of marmot sociality. I. Why
disperse late? Behavioral Ecology and Sociobiology, 27,
229–237.

Arnold, W. (1990b) The evolution of marmot sociality. II.
Costs and benefits of joint hibernation. Behavioral Ecology
and Sociobiology, 27, 239–246.

Arnold, W. (1993) Energetics of social hibernation. Life in the
Cold: Ecological, Physiological and Molecular Mechanisms
(eds C. Carey, G.L. Florant, B.A. Wunder & B. Horwitz),
pp. 65–80. Westview Press, San Francisco, CA.

Fig. 4. Probabilities of extinction in the standard model associated with different levels of constant-yield harvesting, when
hunting induces social perturbations and increases the frequency of late autumn dispersal. Filled circles show the proportion of
200 simulations during which extinction occurred within 100 years of harvesting when all potential dispersers in the population
were allowed a second opportunity to disperse at the end of the year, following hunting mortalities. For comparison, the dotted
line shows the extinction profile given in Fig. 1b, which assumes no perturbation and no increase in late dispersal.

JPE_740.fm  Page 640  Thursday, July 18, 2002  1:07 PM



641
Sustainable 
exploitation of 
social species

© 2002 British 
Ecological Society, 
Journal of Applied 
Ecology, 39,
629–642

Arnold, W. (1995) Social behaviour and telemetric assessment
of thermoregulation in hibernating marmots. Behavioural
Brain Research in Naturalistic and Semi-Naturalistic Settings
(eds E. Alleva, A. Fasolo, H.-P. Lipp, L. Nadel & L. Ricceri),
pp. 395–411. Kluwer Academic Publishers, Dordrecht,
The Netherlands.

Arnold, W. & Dittami, J. (1997) Reproductive suppression in
male alpine marmots. Animal Behaviour, 53, 53–66.

Arnold, W., Heldmaier, G., Ortmann, S., Pohl, H., Ruf, T. &
Steinlechner, S. (1991) Ambient temperatures in hibernacula
and their energetic consequences for alpine marmots (Mar-
mota marmota). Journal of Thermal Biology, 16, 223–226.

Berger, J. (1979) ‘Predator harassment’ as a defensive strategy
in ungulates. American Midland Naturalist, 102, 197–199.

Bowyer, R.T. (1987) Coyote group size relative to predation
on mule deer. Mammalia, 51, 517–526.

Clark, C.W. (1973) The economics of overexploitation. Sci-
ence, 181, 630–634.

Clutton-Brock, T.H. (1974) Primate social organisation and
ecology. Nature, 250, 539–542.

Cole, L.C. (1954) The population consequences of life history
phenomena. Quarterly Review of Biology, 29, 103–137.

Dennis, B. (1989) Allee effects: population growth, critical
density, and the chance of extinction. Natural Resource
Modelling, 3, 481–538.

Dorndorf, N. (1999) Zur Populationsdynamik des Alpen-
murmeltiers: Modellierung, Gefährdungsanalyse und
Bedeutung des Sozialverhaltens für die Überlebensfähigkeit.
PhD Thesis. Philipps University, Marburg, Germany.

Engen, S., Lande, R. & Sæther, B.E. (1997) Harvesting strategies
for fluctuating populations based on uncertain population
estimates. Journal of Theoretical Biology, 186, 201–212.

Fowler, C.W. (1981) Density dependence as related to life his-
tory strategy. Ecology, 62, 602–610.

Fowler, C.W. (1988) Population dynamics as related to rate of
increase per generation. Evolutionary Ecology, 2, 197–204.

Fox, W.W. (1975) Fitting the generalized stock production
model by least-squares and equilibrium approximation. US
Fisheries Bulletin, 73, 23–37.

Frey-Roos, F. (1998) Geschlechtsspezifisches Abwanderungs-
muster Beim Alpenmurmeltier (Marmota marmota). PhD
Thesis. Philipps University, Marburg, Germany.

Greene, C., Umbanhowar, J., Mangel, M. & Caro, T. (1998)
Animal breeding systems, hunter selectivity and con-
sumptive use in wildlife conservation. Behavioral Ecology
and Conservation Biology (ed. T.M. Caro), pp. 271–305.
Oxford University Press, Oxford, UK.

Groombridge, B. (1992) Global Biodiversity: Status of the
Earth’s Living Resources. Chapman & Hall, London, UK.

Hardin, G. (1968) The tragedy of the commons. Science, 162,
1243–1248.

Hediger, H. (1948) Naturschutz und Heilaberglaube: zur
Gefährdung des schweizerischen Murmeltieres. Berichte
der St Gallischen Naturwissenschaftlichen Gesellschaft, 72,
23–31.

Hilborn, R. & Walters, C.J. (1992) Quantitative Fisheries
Stock Assessment: Choice, Dynamics and Uncertainty.
Chapman & Hall, New York, NY.

Holling, C.S. (1978) Adaptive Environmental Assessment and
Management. John Wiley & Sons, New York, NY.

Jennings, S., Kaiser, M.J. & Reynolds, J.D. (2001) Marine
Fisheries Ecology. Blackwell Science, Oxford, UK.

Lande, R., Engen, S. & Sæther, B.E. (1994) Optimal harvest-
ing, economic discounting and extinction risk in fluctuating
populations. Nature, 372, 88–90.

Lande, R., Engen, S. & Sæther, B.E. (1995) Optimal harvest-
ing of fluctuating populations with a risk of extinction.
American Naturalist, 145, 728–745.

Lande, R., Sæther, B.-E. & Engen, S. (2001) Sustainable
exploitation of fluctuating populations. Conservation of
Exploited Species (eds J.D. Reynolds, G.M. Mace, K.H.

Redford & J.G. Robinson), pp. 67–86. Cambridge Univer-
sity Press, Cambridge, UK.

Lipetz, V.E. & Bekoff, M. (1982) Group size and vigilance
in pronghorns. Zeitschrift für Tierpsychologie, 58, 203–
216.

Ludwig, D. (2001) Can we exploit sustainably? Conservation
of  Exploited Species (eds J.D. Reynolds, G.M. Mace,
K.H. Redford & J.G. Robinson), pp. 16–38. Cambridge
University Press, Cambridge, UK.

Mace, G.M. & Reynolds, J.D. (2001) Exploitation as a con-
servation issue. Conservation of Exploited Species (eds
J.D. Reynolds, G.M. Mace, K.H. Redford & J.G. Robinson),
pp. 3–15. Cambridge University Press, Cambridge, UK.

Milner-Gulland, E.J., Shea, K., Possingham, H.P., Coulson,
T. & Wilcox, C. (2001) Competing harvesting strategies in a
simulated population under uncertainty. Animal Conserva-
tion, 4, 157–167.

Mooring, M.S. & Hart, B.L. (1992) Animal grouping for pro-
tection from parasites – selfish herd and encounter-dilution
effects. Behaviour, 123, 173–193.

Müller, J.P. (1996) Das Murmeltier, 4th edn. Desertina Verlag,
Chur, Switzerland.

Polacheck, T., Hilborn, R. & Punt, A.E. (1993) Fitting surplus
production models: comparing methods and measuring
uncertainty. Canadian Journal of Fisheries and Aquatic
Sciences, 50, 2597–2607.

Preleuthner, M. (1999) Die rezente Verbreitung des Alpen-
murmeltieres (Marmota m. marmota) in Österreich und
ihre historische Hintergründe. Stapfia, 63, 103–110.

Quinn, T.J. & Deriso, R.B. (1999) Quantitative Fish Dynamics.
Oxford University Press, New York, NY.

Reynolds, J.D., Mace, G.M., Redford, K.H. & Robinson, J.G.
(2001) Conservation of Exploited Species. Cambridge
University Press, Cambridge, UK.

Robinson, J.G. & Bennett, E.L. (2000) Hunting for Sustaina-
bility in Tropical Forests. Columbia University Press, New
York, NY.

Robinson, J.G. & Bodmer, R.E. (1999) Towards wildlife
management in tropical forests. Journal of Wildlife Manage-
ment, 63, 1–13.

Robinson, J.G. & Redford, K.H. (1991) Sustainable harvest of
neo-tropical mammals. Neo-Tropical Wildlife Use and
Conservation (eds J.G. Robinson & K.H. Redford),
pp. 415–429. Chicago University Press, Chicago, IL.

Rosenberg, A.A., Fogarty, M.J., Sissenwine, M.P., Bedding-
ton, J.R. & Shepherd, J.G. (1993) Achieving sustainable use
of renewable resources. Science, 262, 828–829.

Roughgarden, J. & Smith, F. (1996) Why fisheries collapse
and what to do about it. Proceedings of the National
Academy of Sciences of the United States of America, 93,
5078–5083.

Schaefer, M.B. (1954) Some aspects of  the dynamics of
populations important to the management of commercial
marine fisheries. Inter-American Tropical Tuna Commission
Bulletin, 1, 27–56.

van Schaik, C.P. & van Hooff, J. (1983) On the ultimate causes
of primate social systems. Behaviour, 85, 91–117.

van Schaik, C.P., van Noordwijk, M.A., Warsono, B. &
Sutriono, E. (1983) Party size and early detection of pred-
ators in Sumatran forest primates. Primates, 24, 211–221.

Stephens, P.A. & Sutherland, W.J. (2000) Vertebrate mating
systems, Allee effects and conservation. Vertebrate Mating
Systems (eds M. Apollonio, M. Festa-Bianchet & D. Mainardi),
pp. 186–213. World Scientific Publishing, London.

Stephens, P.A., Frey-Roos, F., Arnold, W. & Sutherland, W.J.
(2002) Model complexity and population predictions. The
alpine marmot as a case study. Journal of Animal Ecology,
71, 343–361.

Sussman, R.W. & Garber, P.A. (1987) A new interpretation of
the social organisation and mating system of the Calli-
trichidae. International Journal of Primatology, 8, 73–92.

JPE_740.fm  Page 641  Thursday, July 18, 2002  1:07 PM



642
P. A. Stephens et al.

© 2002 British 
Ecological Society, 
Journal of Applied 
Ecology, 39,
629–642

Sutherland, W.J. (2000) The Conservation Handbook: Research,
Management and Policy. Blackwell Science, Oxford, UK.

Sutherland, W.J. (2001) Sustainable exploitation: a review of
principles and methods. Wildlife Biology, 7, 131–140.

Sutherland, W.J. & Gill, J.A. (2001) The role of behaviour in
studying sustainable exploitation. Conservation of
Exploited Species (eds J.D. Reynolds, G.M. Mace, K.H.
Redford & J.G. Robinson), pp. 259–280. Cambridge Uni-
versity Press, Cambridge, UK.

Tuyttens, F.A.M., Macdonald, D.W., Rogers, L.M.,
Cheeseman, C.L. & Roddam, A.W. (2000) Comparative
study on the consequences of culling badgers (Meles meles)

on biometrics, population dynamics and movement.
Journal of Animal Ecology, 69, 567–580.

Walters, C.J. (1986) Adaptive Management of Renewable
Resources. Macmillan, New York, NY.

Walters, C.J. & Hilborn, R. (1976) Adaptive control of fishing
systems. Journal of the Fisheries Research Board of Canada,
33, 145–159.

Young, T.P. & Isbell, L.A. (1994) Minimum group size and other
conservation lessons exemplified by a declining primate
population. Biological Conservation, 68, 129–134.

Received 23 August 2001; final copy received 2 May 2002

JPE_740.fm  Page 642  Thursday, July 18, 2002  1:07 PM


